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Highlights:
e Plethodontid occupancy odds decrease on invasive plant control-treated sites.
e Large-scale invasive control treatments can negatively impact ecosystem services.
e Canopy cover is an essential occupancy predictor for Plethodontid salamanders.

e Treatment information needs to be more detailed to identify drivers of change.

Abstract

Invasive plants are a growing concern for land managers, impacting ecosystem resilience
and outcompeting native vegetation. To combat this, invasive plant control treatments can assist
in reducing the impacts and spread of damaging, non-native plant species. However, intensive
treatments completed at large scales have the potential to negatively impact ecosystem services
as well. To monitor these impacts, we utilized a well-known indicator in the Central Appalachian
region, Plethodontid salamanders, to assess impacts of invasive plant control treatments in the
Central Hardwood forests. We completed 12 visual samples across 60 sites in West Virginia,

USA during Spring and Fall of 2025 (720 sampling occasions) on state lands that received
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invasive plant control treatment during the previous summer. We also collected habitat metrics to
observe impacts of invasive plant presence on Plethodontid salamander occupancy. Using a
single-species, single-season occupancy model, we identified important predictors of salamander
occupancy across landscapes managed for invasive plants. Salamander occupancy on sites that
received invasive plant control treatments decreased by 42.1%, whereas occupancy increased by
6.0% for every 1.0% increase in canopy cover. The inclusion of invasive plant ground cover in
the occupancy model was uninformative, which is consistent the inconclusive relationship
between adult, terrestrial salamanders and invasive plants in previous studies. Overall, our results
support findings of recent studies, including that invasive plant control treatments have
unintended, negative impacts on Plethodontid salamanders and their associated ecosystem

services.

1.1. Introduction

In the eastern US, invasive plants pose a major threat to biodiversity within temperate
deciduous forests (Early et al., 2016). Through direct (e.g., competition and altering soil
chemistry, soil microbial composition, and erosion control) and indirect (e.g., habitat alteration)
effects, invasive plant species have been shown to reduce diversity of native flora and fauna
(Leger & Espeland, 2010; Arthur et al. 2012; Malinich et al. 2017; Cipollini & Wagner, 2011;
Matte et al., 2022; Webster et al., 2006). Monitoring these impacts in a cost effective and
comprehensive way is challenging, due to the effects of invasive plants often being species
dependent (van Kleunan et al., 2010; Ni et al., 2021) and their widespread presence (Early et al.,
2016). To combat this, many recent studies use indicator species to identify/monitor ecosystem
changes (Fleishman & Murphy, 2009). Ideally, indicator species presence (or absence) reflects

meaningful environmental changes, is cost efficient to sample, provides highly relevant
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information on ecological processes, and has low temporal variability (Fleishman & Murphy,
2009; Siddig et al., 2016a).

Recent studies within eastern forests point to Plethodontid salamanders as key indicator
species (Welsh & Hodgson, 2013; Siddig et al., 2016a; Siddig et al., 2016b). Plethodontid
salamanders are a highly abundant, widespread family of salamanders with unique
morphological and physiological characteristics that make them exceptional indicators of
ecosystem changes. Plethodontids are lungless and have permeable skin, which is used for
respiration, making them sensitive to changes in temperature, moisture, and pollutants (Wells,
2019). Plethodontids also have particular microhabitat requirements, necessitating refugia (e.g.,
cover objects) that maintain high humidity and moderate temperature. They also require
adequate leaf litter to predate and use both terrestrial and aquatic habitats (Riddell et al., 2019;
Farallo & Miles, 2016; Welsh & Ollivier, 1998; Cabe et al., 2007). Additionally, Plethodontids
have low vagility, rarely moving from their microhabitat between years (Cabe et al., 2007;
Farallo & Miles, 2016). Plethodontids occupying unfavorable conditions will either die, retreat,
or evacuate the area (Semlitsch et al., 2008). This makes a lack of Plethodontid presence on a
particular site within their geographic distribution indicative of unfavorable conditions.

Similar studies also reference Plethodontid salamanders (hereafter: “salamanders”) as
quality indicator species because of their unique trophic position. Salamanders are predators of
detritivorous arthropods and thus regulate multiple ecosystem functions: nutrient cycling, carbon
capture, soil-building, and conversion of leaf litter (Laking et al., 2021; Davic & Welsh, 2004;
Milanovich & Peterman, 2016). Salamanders are also important prey species, serving as a bridge

between invertebrate biomass and protein-rich vertebrate food resources (Best, 2012).
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Many studies have examined the effects of invasive species on amphibians, but few have
investigated the specific interactions between invasive plants and adult, terrestrial salamanders
(Bucciarelli et al., 2014). Invasive plants have known effects on larval stage amphibians,
affecting respiratory development and fitness (Maerz et al., 2005; Watling et al. 2011a; Watling
et al., 2011b; Stephens et al., 2013). In contrast, invasive plants may serve as refugia in degraded
habitats (Nunes et al., 2019; Nagy et al., 2011). For adult terrestrial salamanders, there are
potential links between invasive plants, nonnative earthworms, and reduction in leaf litter
negatively impacting terrestrial salamanders (Maerz et al., 2009). However, within the same
study, Maerz et al. (2009) found no significant reduction in salamanders (Plethodon cinereus)
with increasing garlic mustard (4lliaria petiolata) and Japanese barberry (Berberis thunbergii)
abundance. Additional studies support this claim, with adult salamanders being minimally or
entirely unaffected by invasive plants (Watling et al., 2011b; Utz & Fetsko, 2020; Lehtinen et al.,
2022). However, adult salamanders can be indirectly impacted by invasive plant presence,
particularly if required habitat conditions are altered (Maerz et al., 2009).

Management strategies that remove invasive plants can alleviate ecosystem biodiversity
concerns (Prior et al., 2018; Petri & Ibanez, 2025). This would potentially allow for native plant
re-establishment to support native populations of wildlife, benefiting overall biodiversity.
However, intensive invasive plant removal can negatively impact salamander populations
(Lehtinen et al., 2022). Similarly, silvicultural and forest management practices that alter forest
floor habitat can detrimentally impact salamander populations (Gibbs, 1998; Hocking et al.,
2013a; Hocking et al., 2013b). This was observed for prescribed fires (O’Donnell et al., 2015;
Pilliod et al., 2003), timber harvesting (clear cuts and partial removals) (O’Donnell et al., 2015;

Ochs et al., 2022; Leslie et al., 2025), mine land reclamation efforts (Wood & Williams, 2013),
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and invasive plant removal (Lehtinen et al., 2022). Many of the negative impacts on salamander
populations are contingent on canopy removal, loss of refugia and leaf litter, altered vegetation
structure, and drier, warmer soil conditions (Och et al., 2022; O’Donnell et al., 2015; Knapp et
al., 2003, Semlitsch et al., 2009; McKenny et al., 2006). Leslie et al. (2025) found that herbicide
applications to control unwanted vegetation promoted recovery of salamander populations,
suggesting that the recovery of suitable conditions is more essential for salamanders than specific
treatment effects.

Lehtinen et al. (2022) examined the effects of invasive plant removal on salamanders,
noting the loss of understory vegetative structure as the primary reason for lower Northern ravine
salamander (Plethodon electromorphus) presence, due to increased predation risk perception
(Forester et al., 2019). This effect was most impactful on sites that were heavily invaded by
invasive plants, as these sites had greater losses of vegetative structure during treatment
(Lehtinen et al., 2022).

In this study, we observed Plethodontid salamander occupancy on sites with varying
levels of invasive plant presence, with some sites receiving invasive species control treatment.
Plethodontid salamanders act as indicators of ecosystem functions and biodiversity, and few
studies have examined the impacts of invasive plant control treatments on Plethodontid
occupancy. To further our understanding, we performed visual and cover board surveys of
salamander detection and non-detection on treated and untreated sites with varying levels of
invasive plant invasion in four hardwood-dominated forests in West Virginia, USA. We expected
invasive plant control treatments to be the strongest predictor of salamander occupancy, with
various metrics of invasive vegetation abundance and cover as an additional, negative factors.

We also anticipated interspecific variation in both the strength of invasive plants impacts and the



117  responses of salamander species those impacts, which would remain consistent with previous

118  studies (Nunes et al., 2019; Bucciarelli et al., 2014).

119 2.1 Methods

120  2.1.1 Study sites
121 This project was initiated by a large energy corporation that started forest

122  management activities on West Virginia state lands to support Environmental, Social, and

123  Governance (ESG) goals. The team included a consulting forestry firm that initiated forest

124  management plans and invasive plant density, an invasive plant control contractor, and a team
125  from West Virginia University that led the treatment validation work. On the ground

126  management began in March of 2024, and over the next 7 months, 55 state lands (state forests
127  and WMAs) received invasive plant control treatments totaling approximately 12,400 hectares.
128  Treatment areas were selected by state land managers and were surveyed by the consulting
129  forestry company. These areas were mapped into KMZ files and used by treatment crews to
130  perform and record invasive vegetation management, detailing treatment activity using tracts and
131 points in Google Earth. Images were provided with most point data, along with date, time,

132  coordinates, and notes. Images were taken of pre-treatment and post-treatment vegetation.

133  Images were used to verify the invasive species being treated at the listed coordinates and the
134  quality of treatment. Additional information collected during treatment (e.g., herbicide use

135 [L/ha]) was provided within a constant-contact style data management system. Treatment

136  consisted of herbicide use, hacking, girdling, and cut and spray treatments. On all sites, 41%
137  glyphosate in a concentration of approximately 25.1 ml per liter was used for spraying directly
138  on leafy vegetation. Garlon 3A (44.4% concentration) was used directly on cut or girdled

139  stumps.
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Study locations were selected from all state lands that received treatment in 2024 and
were selected based on two main criteria: travel distance and amount of herbicide used (L/ha).
To maximize both efficiency and economics, travel distance was limited to a maximum of 145
km one direction from West Virginia University’s Morgantown campus. From the state lands
within this distance, we selected sites with the highest amount of herbicide use, which is
indicative of invasive intensity. With these criteria in mind, we selected four study WMAs:
Burnsville Lake WMA (Napier, Braxton County, WV), Bear Rock Lake (Valley Grove, Ohio
County, WV), Castleman Run WMA (Bethany, Ohio County, WV), and Pleasant Creek WMA
(Grafton, Taylor County, WV).

These WMA s are all examples of dry-mesic oak, apart from a portion of Castleman
Run’s plots, which are a mixed mesophytic forest. Common native overstory species included
black oak (Quercus velutina), white oak (Quercus alba), chestnut oak (Quercus montana),
northern red oak (Quercus rubra), as well as pignut hickory (Carya glabra), mockernut hickory
(Carya tomentosa), and shagbark hickory (Carya ovata). Other overstory species included
yellow-poplar (Liriodendron tulipifera), red maple (Acer rubrum), sugar maple (Acer
saccharum), black cherry (Prunus serotina), black gum (Nyssa sylvatica), and American beech
(Fagus grandifolia). The native midstory and understory species consisted primarily of
serviceberry (Amelanchier arborea), staghorn sumac (Rhus typhina), American holly (/lex
opaca), flowering dogwood (Cornus florida), and hop hornbeam (Ostrya virginiana). Native
ground cover and vine species identified include clearweed (Pilea pumila), Christmas fern
(Polystichum acrostichoides), wood fern (Dryopteris spp.), white snakeroot (Ageratina

altissima), and Virginia creeper (Parthenocissus quinquefolia), among others.
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To make comparisons between treated and untreated sites, we assumed that the initial
composition of invasive species (woody and herbaceous) was similar within WMAs, but not
between WMAs. While there is a possibility that invasive species compositions differed prior to
treatment, we assumed that due to proximity and similar conditions, these compositions are
comparable. Target species that received treatment included non-native woody and liana species:
kudzu (Pueraria montana var. lobata), Russian olive (Elaeagnus angustifolia), wisteria
(Wisteria sinensis), paulownia (Paulownia spp.), Japanese knotweed (Fallopia japonica),
Japanese honeysuckle (Lonicera japonica), border privet (Ligustrum obtusifolium), autumn olive
(Elaeagnus umbellata), Chinese privet (Ligustrum sinense), Japanese Barberry (Berberis
thunbergii), Amur honeysuckle (Lonicera maackii), tree-of-heaven (4ilanthus altissima),
multiflora rose (Rosa multiflora), mile-a-minute (Persicaria perfoliata), oriental bittersweet
(Celastrus orbiculatus), and buckthorn (Rhamnus cathartica and Rhamnus frangula).
Herbaceous species, such as Japanese stilt grass (Microstegium vimineum) and garlic mustard
(Alliaria petiolata), did not receive targeted treatment due to their persistent seed bank and rapid
spread that requires additional treatment measures (Pile Knapp et al., 2023).

Pleasant Creek WMA had the highest amount of herbicide use per hectare (312.6 L/ha).
Based on the amount of herbicide used and photos of treatment, this site was heavily invaded and
experienced a loss of canopy in much of its treatment area. Invasive species in the over and mid
story include tree-of-heaven (Ailanthus altissima) and autumn olive. Herbaceous, understory
invasive species include multiflora rose (Rosa multiflora), Japanese stiltgrass (Microstegium
vimineum), Japanese barberry (Berberis thunbergii), Amur honeysuckle (Lonicera maackii),
oriental lady’s thumb (Persicaria longiseta), and garlic mustard (4lliaria petiolata). Burnsville

Lake WMA had an herbicide use amount of 119.8 L/ha, with a high dominance of autumn olive
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in the midstory. Other invasive species present at Burnsville Lake WMA included multiflora
rose, garlic mustard, oriental lady’s thumb, and Japanese stiltgrass. Castleman Rock WMA and
Bear Rock Lake had relatively lower herbicide use per acre (82.8 L/ha and 51.3 L/ha,
respectively) and similar invasive species composition. These WMAs were primarily invaded by
multiflora rose, Japanese barberry, oriental lady’s thumb, and privet species (Chinese and
border) (Ligustrum spp.).
2.1.2 Site Characteristics

We established fifteen 0.02 ha sampling plots throughout each WMAs, totaling 60 sites.
Sites included a gradient of various environmental conditions. Sampling plot centers were
marked with tape to ensure replication when completing vegetation and soil sampling. GPS
points were marked for each plot, at plot center, using the Avenza Maps app (Avenza Systems
Inc.). This information was exported into ArcGIS Pro (ver. 3.5.0), where the slope, aspect, and
elevation for each site were extracted from the point data. Soil temperature and soil moisture
were measured during each salamander sampling occasion and during our vegetation sampling
using an OGETFUUR 4-in-1 digital soil tester inserted at a 2 cm depth. We also measured lumen
(light) amounts during each diurnal sample. pH was only recorded once per plot, during
vegetation sampling. We chose to not use a more intensive soil temperature and moisture
measuring process due to the frequency and difficulty of terrain during sampling. Leaf litter
depth was collected by measuring five points within our 0.02 ha, by using a ruler to estimate leaf
litter depth. The five points included plot center, and then four randomly selected points.
2.1.3 Vegetation Sampling

Understory vegetation sampling was completed in the late summer, before fall

senescence. At each site, four Im? quadrats were used to estimate the understory vegetation and



208  coarse woody debris cover. Within the quadrat, we identified the vegetation to species, aside
209 from native grass species. Then, we estimated the percent cover of each species and coarse

210  woody debris within the quadrat.

211 Overstory sampling was conducted by recording species and diameter at breast height
212  (DBH) all woody vegetation with a DBH > 10.16 cm within our 0.02 ha plot. We then recorded
213  species and DBH for all stems between 2.54 cm and 10.16 cm within a 0.009 ha plot, located
214  around the same plot center. Canopy cover (%) was determined by taking a photo at

215  approximately breast height (approx. 1.5m) (Xiong et al., 2019). Then, using ImagelJ (Version
216  1.54p; Schneider et al., 2012) a binary version of the image was created. Canopy cover (%) was
217  determined by dividing the number of pixels representing canopy cover by the total pixel

218  amount.

219  2.1.4 Salamander Sampling

220 Salamander sampling was conducted during the mid-spring to mid-fall of 2025, with
221  most of the sampling occurring during mid-Spring to early Summer, and early Fall. This was
222 done to increase likelihood of detection due to favorable temperature and moisture conditions. In
223  compliance with special provisions outlined in the Scientific Collecting Permit granted by the
224  West Virginia Division of Natural Resources, decontamination protocols were conducted during
225  each sample. These protocols are detailed by the Northeastern Partners in Amphibian and Reptile
226  Conservation and include the use of Virkon Aquatic ® 1% solution as a disinfectant for personal
227  gear and equipment to prevent the spread of herpetofaunal diseases (e.g., Ranavirus spp. [RV],
228  Batrachochytrium dendrobatidis [Bd], and B. salamandriovorans [Bsal]) (Bletz et al., 2023).

229 Sampling across all sites was conducted in a stretch of two to four consecutive days, to

230 increase the probability of similar weather conditions between sites. There were six sampling
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occasions conducted during diurnal conditions, and a similar six sampling occasions conducted
during nocturnal conditions. These samples alternated, beginning with diurnal sampling in our
first week, doing nocturnal sampling during our second, and continuing respectively. This totaled
12 samples collected for each site.

At each site, six 0.61 m x 0.15 m yellow-poplar coverboards were placed within our 0.02
ha plot (Figure 1). Coverboards were placed on both treated and untreated plots, and used to
increase the likelihood of salamander detection, even in unfavorable conditions. Coverboards

were checked in tandem with the visual sampling at each plot.

. _0.009ha_ ,‘

—

0.02 ha

Figure 1: Each site had six 0.61 m x 0.15 m yellow-poplar coverboards placed around a 0.02 ha area from the plot
center. Coverboards were placed in microhabitats most suited for salamander detection (e.g., preexisting cover,
shade, wet areas). The 0.02 ha plot was also used to measure trees above 10.16 cm DBH. Trees within 2.54 c¢cm to
10.16 DBH class were measured within the 0.009 ha plot.

Along with the coverboards surveys, visual sampling was conducted during each visit.
Visual sampling consisted of actively searching for salamanders within the site. This included
overturning logs, stones, leaf litter, and other potential covers. Refugia was returned to original

placement if moved. During nocturnal sampling, headlamps were used. When located,
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salamanders were identified to the species level and recorded whether they were found visually
or under a coverboard. Per provisions outlined in the Scientific Collecting Permit, powderless
nitrile gloves sprayed with dechlorinated water were used to handle salamanders for
identification if necessary.

We detected 4 eastern newts (Notophthalmus viridescens) during our sampling occasions.
Due to their similar habitat requirements and ecological roles, we included N. viridescens
detections in our dataset. V. viridescens has also been referenced as an indicator species in
previous studies, making it functionally similar to Plethodontid salamanders (Siddig et al.,
2016b, Mossman et al., 2019).

We standardized survey effort by adjusting the amount of time sampled at each site based
on the amount of people within the sampling crew. If there was a single sampler, sampling would
last ten minutes, and if there were four samplers, they would sample for 2.5 minutes
simultaneously. Crew sizes ranged from 1-5 people. We also randomized the order plots sampled
to reduce the chance of inducing sampling bias related to the timing of surveys. This was done
by grouping sites into clumps based on similar locations and randomizing the order in which
those clumps were sampled. Additionally, the order in which WMAs were sampled were also
alternated week to week to reduce the likelihood of fatigue at a particular WMA.

2.1.5 Statistical analysis

Before beginning the analysis, we tested all covariates for correlations using Pearson’s
correlation coefficient. Any correlation value of > 0.65 between a pair of variables resulted in the
exclusion of one of the variables (retained variables included in Table 1). For each correlated
pair, we excluded variables that showed multiple high correlations, lacked strong support in the

literature, or whose effects were adequately represented by a correlated alternative (e.g.,
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retaining basal area and excluding trees per hectare). To account for imperfect detection, we used
single-season, single-species occupancy modeling in RStudio (ver. 2026.01.0+392, R ver. 4.5.1)
using package “unmarked” (ver. 1.5.1) (MacKenzie et al., 2002; Kellner et al., 2023; Fiske &
Chandler, 2011). Two fundamental parameters are estimated with this model type; occupancy
(v), the probability that a species is present at a site, and detection (p), the probability that the
species will be detected if present.

We used single-species, single-season occupancy models to account for imperfect species
detection and to estimate detection and species-specific occupancy probabilities. Single-season
occupancy models assume site-closure, meaning occupancy status and site location and size do
not change within the sampling period. We anticipated the potential for harsh conditions in the
summer months (e.g., drier soil, hotter soil temperatures), which could cause salamanders to
retreat from a site. To address this hypothesis while simultaneously accounting for the closure
assumption, we coded ‘Season’ as a site covariate to test for differences in occupancy between
‘Spring’ (May-June 2025) and ‘Fall’ (September-October 2025), excluding two sampling
occasions that took place during mid-summer. Single-season occupancy models assume that
detection probability is less than one, meaning that species may be present at a site but not be
detected. Single-season occupancy models also assume that sampling methods used are suitable
for detecting focal taxa when present. We addressed this assumption by conducting repeated
diurnal and nocturnal visual surveys and incorporating soil-temperature as on observation-level
covariate, accounting for variation in surface activity.

We assumed similar detectability among Plethodontids due to their comparable surface
activity patterns (Grover, 2006; Sanchez et al., 2020; Sites, Jr., 1978; O’Donnell et al., 2014;

Anderson et al., 2025). Therefore, we constrained the detection parameters to be equal across all
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species. This allowed us to estimate detection probabilities with adequate precision given limited
detections for several species. We estimated the occupancy for our 8 detected species by coding
each species as a factor (with 8 levels). Due to multiple species being modeled within the same
sites, species-specific occupancy estimates shared site-level covariates. Consequently, we
emphasize shared habitat effects and interpret species-specific intercepts as baseline differences
rather than independent, site-level responses. All continuous covariates were scaled by using the
methods described in Gelman (2008), in which the mean is subtracted by each value and divided

by two standard deviations to allow for comparisons between binary and continuous covariates.



320 Table 1

321 Covariates retained after testing for correlated variables to be used in the analyses of occupancy and detection of
322  Plethodontid salamanders on West Virginia WMA s that received invasive plant control treatments. Any pair with a
323  correlation value > 0.65 resulted in the exclusion of one of the variables.
Variable Model Description Source
Parameter
Season 1 Seasonal grouping of Sampling occasions 1-6 Individual survey
(Spring) and 7-10 (Fall)
Slope ) Rate of change of elevation for a site (degrees) Treatment KMZ in
ArcGIS
Aspect 1 Compass direction that downhill slope of a site Treatment KMZ in
faces (degrees) ArcGIS
Treatment \ Indicator of presence or absence of invasive plant ~ Treatment KMZ in
control treatment ArcGIS
Canopy Cover ] Percent canopy cover, measured from binary pixel =~ Vegetation survey
percentage (Imagel)
Soil pH 7 Measure of hydrogen ion concentration in the soil ~ Vegetation survey
at the site center
Average Soil 1 Average soil temperature (°C) readings Individual survey
Temperature (D)
Coarse Woody Debris Mean percent cover of coarse woody debris across ~ Vegetation survey
Percentage 4 quadrats at a site
Average DBH (0.02) ] Average diameter at breast height (cm) within the ~ Vegetation survey
0.02 ha plot at each site
Sum BA/ha (0.02) W Sum of the estimated basal area per hectare within ~ Vegetation survey
the 0.02 ha plot at each site
Average DBH (0.009) v Average diameter at breast height (cm) within the ~ Vegetation survey
0.009 ha plot at each site
Sum BA/ha (0.009) 1 Sum of the estimated basal area per hectare within ~ Vegetation survey
the 0.009 ha plot at each site
Ground Cover W Count of different species (native and invasive) Vegetation survey
Richness within 4 quadrats within a site
Invasive Ground Cover Count of different species (invasive) within 4 Vegetation survey
Richness quadrats within a site
Invasive Ground Cover Average percentage ground cover of invasive plant Vegetation survey
species (woody and herbaceous)
Soil Temperature p Soil temperature at time of sampling (°C) Individual survey
Soil Moisture p Soil moisture at the time of sampling (%) Individual survey
Precipitation p Amount of rainfall within 24 hours prior to Individual survey
sampling (cm)
Lumen P Perceived power of visible light measured from Individual survey

forest floor at the time of sampling
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Table 2

Reduced set of covariates used in the analyses of occupancy () and detection (p) of Plethodontid salamanders on
West Virginia WMASs that received invasive plant control treatments. We reduced our covariate set to target our
research objectives (identifying impacts of invasive plant control treatment and invasive ground cover), as well as
addressing results in previous literature. Season was included to accommodate the closure assumption of single-
season occupancy models. Canopy cover was retained due to the well-established importance of canopy cover for
Plethodontid habitat, especially regarding silvicultural management. Canopy cover, while not correlated with soil
moisture and refugia availability (% CWD) in our dataset, is associated with increased soil moisture and refugia in
previous studies. Soil temperature was retained as the most practical detection covariate because of recent data

suggesting variation in species detectability patterns across soil moisture and precipitation gradients.

Variable Model Description Source Citation
Parameter
Canopy cover ] Percent canopy cover, measured Vegetation survey O’Donnell et al.,
from binary pixel percentage 2014; Ochs et al.
(Imagel) 2022; Semlitsch
et al., 2009;
Tilghman et al.,
2012; Connette &
Semlitsch, 2013;
O’Donnell et al.,
2015
Invasive ground ' Average percent ground cover of ~ Vegetation survey Lehtinen et al.,
cover invasive plant species (woody and 2022
herbaceous)
Season ] Seasonal grouping of Sampling Individual survey
occasions 1-6 (Spring) and 7-10
(Fall)
Treatment U Indicator of presence or absence of KMZ files from Lehtinen et al.,
invasive plant control treatment Treatment crew 2022
Soil temperature p Soil temperature at time of Individual survey Lehtinen et al.,

sampling (°C)

2026

We limited the number of parameters of our global model to 13 parameters, including the

8 intercepts representing the 8 different species to avoid overfitting the data while still allowing

for interspecific variation in occupancy. With 60 sites and 12 sampling occasions, we

constrained our set of covariates to a small set of effects supported by previous literature and our

hypotheses (canopy cover, invasive ground cover, season, and treatment) (O’Donnell et al.,

2014; Ochs et al., 2022; Semlitsch et al., 2009; Tilghman et al., 2012; Connette & Semlitsch,

2013; O’Donnell et al., 2015; Lehtinen et al., 2022; Lehtinen et al., 2026), while including

species-specific intercepts to model interspecific heterogeneity in baseline occupancy (Table 2).
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We also reduced the detection model to only include soil temperature to reduce complexity, as it
was the most supported of the detection parameters in the literature (Shoo et al., 2011). We first
developed an initial global model based on prior knowledge of salamander habitat conditions
(Farallo & Miles, 2016) and compared this with a model that included ‘season’ as an additional
variable to determine the validity of its inclusion in future models. Based on the model
comparison results, season was retained as a variable to explain occupancy (a factor, with two
levels) and included into the final global model.

The final global model included soil temperature as a detection covariate and species-
specific intercepts and the full set of supported site-level covariates (season, canopy cover,
treatment, and invasive ground cover) as occupancy covariates. We also included three
biologically relevant interaction models (canopy cover x treatment, canopy cover X season, and
treatment X season) to observe any occupancy differences that could be explained by habitat or
season. Post-hoc, we added two models to infer the importance of covariates included in all a
priori models, one excluding soil temperatures as a detection covariate, and one excluding
canopy cover as an occupancy covariate.

We ranked models based on Akaike’s Information Criterion values adjusted for small
sample size (AICc; Akaike 1973, Anderson et al., 1998) and the difference between a candidate
model and the top model in the set (AAICc). We also used Akaike weights (wi) to determine the
weight of evidence in favor of each model in the set. We considered models with AAICc <2 as
having substantial support. We did not perform model averaging because of our focus being on
inference, not prediction. Competing models also differed primarily by inclusion of
uninformative covariates. Using suggestions outlined in Arnold (2010), we determined whether

additional parameters meaningfully improved fit relative to added complexity. Models
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containing parameters with confidence intervals overlapping zero that did not reduce AICc by >
2 were acknowledged to include uninformative parameters and were discarded. With multiple
models within AAICc < 2, we prioritized biological relevance and parsimony in model selection,
particularly to evaluate relationships outlined in our hypotheses. We retained the most
parsimonious model that included covariates with statistical significance and clear ecological

justification.

3.1 Results
3.1.1 Descriptive Summary

During spring to fall of 2025, we performed 720 visual encounter surveys at 60 sites ( =
120 person hours [720 site sampling occasions, 10 minutes each]). Surveys included portions of
the northern panhandle and central West Virginia. Each site was surveyed 12 times, 6 times
diurnally and 6 times nocturnally each. We encountered salamanders on 39 of the 60 sites,
yielding a naive occupancy of 0.65. Nineteen of the 39 sites had > 2 salamander detections, and
13 sites had > 2 species detected. We detected the following species with respective counts:
Plethodon cinereus (116), Plethodon glutinosus (25), Eurycea bislineata (6), Notophthalmus
viridescens (3), Desmognathus ochropheaus (4), Plethodon electromorphus (2), Eurcyea
longicauda (2), and Desmognathus fuscus (1).

Across all sites, percent canopy cover averaged 67.44% + 2.53 SE (range = 0% -
87.97%). Percent invasive ground cover averaged 56.34% + 4.83 SE, suggesting high average
invasion intensity. Twenty-four of the 60 sites did not receive invasive plant control treatment
(‘Untreated’), and the other 36 received invasive plant control treatment to some degree (e.g.,
hacking/cutting, herbicide application). Sampling occasions 7 and 8 were omitted from the final

analysis to establish a distinct ‘Season’ factor, as they were within the period in which we



389  hypothesize salamanders may have been emigrating out of sites. Sampling occasions 1-6 took
390 place from mid-May 2025 to late June 2025 and were labeled as ‘Spring’ sampling occasions.
391 Occasions 9-12 were categorized as ‘Fall’ sampling occasions, taking place during late

392  September 2025 to late October 2025. The exclusion of sampling occasions 7 and 8 resulted in
393 the exclusion of 6 salamander detections, bringing the total number of salamander detections
394  used in our occupancy modelling to 154, excluding 4 Plethodon glutinosus, 1 Notophthalmus
395  viridescens, and 1 Eurycea longicauda.

396  3.1.2 Occupancy Model Results

397 Our initial model selection procedure supported the inclusion of season as a factor to
398  explain changes in occupancy between spring and fall. The seasonal model had lower AIC,

399 (AAICc = 6.25) and received 95.8% of model weight relative to the model without season

400 included. Season was a significant predictor of occupancy (B =-1.07 £ 0.41 SE, 85% CI: [-1.65
401  to -0.48]), suggesting lower odds of salamander occupancy in fall sampling occasions compared
402  to spring sampling occasions. Both models retained temperature as a detection covariate,

403 demonstrating that occupancy varied between seasons independent of soil temperature.

404 Model selection supported a model that also included canopy cover as an essential

405  predictor of salamander occupancy (f = 1.33 £0.47 SE, 85% CI: [0.47 to 1.84]), with increased
406  probability of occupancy at sites with greater percent canopy coverage. Removing canopy cover
407  reduced model support (AAIC = 4.84). Treatment effects with reduced salamander occupancy

408  odds on treated sites (B~ -0.546 + 0.37 SE, 85% CI: [-1.07 to -0.02]).
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Figure 2: Covariate effects on salamander occupancy (v) throughout WMAs in West Virginia, USA. All
covariates included are present in the top-ranked model. Covariate effect estimates on salamander occupancy (logit
scale) are represented by points. 85% confidence intervals and 95% intervals for each covariate estimate are
represented by thick and thin bars, respectively.

Invasive Ground Cover (B ~-0.06 = 0.38 SE, 85% CI: [-0.60 to 0.49]) was
uninformative. Our top model’s -2loglikelihood value (720.37) was still preferred to that of the -
2loglikelihood value of the global model, which includes invasive ground cover (720.35) (Table
3). Therefore, we cannot conclude a relationship between invasive ground cover and salamander
occupancy odds from our data. None of the interaction terms modeled (canopy cover*treatment,
canopy cover*season, treatment*season) outperformed additive models. Additionally, including

interaction terms caused substantial variance inflation due to the additional parameters.



428  Table3

429 Complete model set results for Plethodontid salamander occupancy (y) throughout WMAs in West Virginia, USA.
430  Header ‘Model’ represents the model evaluated. ‘AICc’ indicates the values produced from the Akaike’s

431 Information Criterion adjusted for small sample size. AAICc represents Delta AICc and indicates difference between
432 a model and a top-ranked model. w represents model weight. K indicates the number of parameters included in each

433  model.

Model AlCc AAICc -2loglik w
vy (~0 + Species + Season + Canopy Cover + Treatment), p(Soil ~ 746.37  0.00  720.37 0.250 13
Temperature)
vy (~0 + Species + Season + Canopy Cover), p(Soil Temperature) 746.61 0.24 722.61 0.221 12
y (~0 + Species + Season + Canopy Cover x Treatment), p(Soil ~ 747.26  0.89  719.26 0.160 14
Temperature)
v (~0 + Species + Season + Treatment x Season), p(Soil 747.49 1.12 719.49 0.143
Temperature)
vy (~0 + Species + Season + Canopy Cover x Season), p(Soil 748.03 1.65 720.03 0.109
Temperature)
y (~0 + Species + Season + Canopy Cover + Treatment + 74835 1.98 720.35 0.093
Invasive Ground Cover), p(Soil Temperature)
vy (~0 + Species + Season + Treatment), p(Soil Temperature) 75122 4.84 727.22 0.022
y (~0 + Species + Season + Canopy Cover + Treatment + 789.84 43.47 763.84 0.000
Invasive Ground Cover), p(.)
434
435 The inclusion of species-specific intercepts accounted for substantial heterogeneity in

436  baseline occupancy estimates among salamanders. Species occupancy intercepts ranged from -
437  6.35to -1.37 (on the logit scale) respectively (Figure 2). Baseline occupancy probability varied
438 among species, ranging from y = 0.003 (85% CI: 0.000 to 0.023) for species including

439  Desmognathus fuscus, Eurycea longicauda, and Desmognathus ochrophaeus to y = 0.323 (85%
440  CI: 0.099 to 0.675) for Plethodon cinereus (Table 4). Species identity explained more variance
441  than any individual habitat occupancy covariate. The inclusion of species intercepts increased
442  parameter count but prevented the confounding of habitat effects with intrinsic species rarity

443  differences and improved habitat covariate interpretability.
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Table 4

Occupancy (V) Probability Estimates for each salamander species detected throughout WMAs in West Virginia,
USA. ‘Species’ represents the scientific species name of the salamander species in which we are estimating
occupancy probability for. ‘¥ Probability Estimate’ is the logit-scale species intercept from the top-ranked model
transformed to a probability estimate. ‘85% CI’ and ‘95% CI” represent the logit-scale 85% confidence interval and
95% confidence interval of occupancy estimates transformed to probability estimates.

Species Y Probability Estimate 85% CI 95% CI

Plethodon cinereus 0.323 0.099-0.675 0.061-0.779
Plethodon glutinosus 0.055 0.013-0.199 0.008-0.296
Eurycea bislineata 0.021 0.005-0.088 0.003-0.144
Notophthalmus viridescens 0.010 0.002-0.049 0.001-0.085
Plethodon electromorphus 0.007 0.001-0.036 0.001-0.065
Desmognathus fuscus 0.003 0.000-0.023 0.000-0.047
Eurycea longicauda 0.003 0.000-0.023 0.000-0.047
Desmognathus ochrophaeus 0.003 0.000-0.023 0.000-0.047

Soil temperature as a detection covariate greatly improved model fit (AAIC = 41.47). Soil
temperature has strong support as a predictor of salamander detection (f =-1.70 £ 0.27 SE, 85%
CI: [-2.08 to -1.30]), indicating that higher soil temperatures decrease the odds of detecting
salamanders even if they occupy a site. At mean soil temperature (16.3°C), detection probability
given that a site was occupied increased to 0.16 (B =0.16 + 0.02 SE, 85% CI: [0.12 to 0.19]).
Detection estimates were modeled as shared across species, as Plethodontids respond similarly to
conditions that impact detectability (Sanchez et al., 2020; Anderson et al., 2025).

4.1 Discussion

We modeled salamander occupancy using site and detection covariates from hardwood
forests in West Virginia that underwent invasive plant control treatments. Habitat structure,
treatment, and species-specific variation accounted for much of occupancy variability. Naive
detection across all sites was low (0.02), but when modeled explicitly, detection probability
conditional on occupancy was higher (0.16) at mean temperature (16.3°C). We recommend

conducting similar sampling efforts, potentially using Before and After Impact frameworks
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(BAI) or monitoring recovery patterns multiple years post-treatment. Collectively, our results
suggest that Plethodontid occupancy is structured primarily by intrinsic interspecific differences,
forest canopy structure, and treatment impacts, while invasive ground cover effects were
uninformative. This suggests that while treatment impacts may negatively reduce salamander
occupancy odds, the retention of canopy during treatment efforts may help mitigate negative
impacts for Plethodontid salamanders and their related ecosystem services.
4.1.1 Detectability

Soil temperature as a detection covariate was an important predictor in our model, with
model fit drastically declining without it (AAIC= 41.47). Soil temperature has an established
effect on salamander detectability, with many previous studies referencing the detectability of
salamanders declining at higher soil temperatures (Sanchez et al., 2020; Anderson et al., 2025).
As soils warm, salamanders burrow beneath the surface of the soil to maintain moderate
temperatures and support respiration. Periods of desiccation occur when soils are too hot or dry
to support salamander’s respiration through skin and their temperature regulation. In our study,
when soil temperature was at or below its mean (16.3°C), salamanders were moderately
detectable given that the site was occupied (0.16), across both treated and untreated sites.

Accounting for the effect of soil temperature at each site during each sampling occasion
was highly important in determining occupancy effects, so the impacts of soil temperature were
not incorrectly attributed to an occupancy covariate. Additionally, soil temperature’s importance
as a detection covariate was consistent across all models, suggesting that it is robust and
independent of occupancy covariate effects. The precipitation and temperature patterns of 2025

included record high temperatures, and drought periods in spring and late summer (West
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Virginia Department of Agriculture [WVDA], 2025). These conditions could have created
microhabitat soil temperatures that were the primary determinant of detection.

In future studies observing salamander occupancy at large spatial scales, incorporating
soil temperature’s impact on detectability is highly important. To perform productive,
informative samples in an energy and cost-efficient manner, soil temperature impacts should be
considered in study design. Sampling during moderate temperatures (at or near 16.3°) increases
detection probability. Incorporating observation-level soil temperature into future Plethodontid
occupancy modeling and study design is imperative, as not accounting for soil temperature at the
time of observation may attribute variance to occupancy components, rather than variation in
detectability.

4.1.2 Occupancy

Of the three site-level covariates that we included in our occupancy modeling, canopy
cover had the highest explanatory power of salamander occupancy. Canopy cover, however,
came second in predictive power when compared to including species-specific occupancy
intercepts. Separate occupancy intercepts attributed inherent species occupancy differences to
variation in our model that would otherwise be inaccurately attributed to a site-level covariate.
Occupancy covariate slopes (canopy cover, invasive ground cover, treatment) were modeled as
shared across species, although variation was higher in species with infrequent detections. Due to
species rarity differences observed in our data, as seen in Desmognathus spp. and Eurycea spp.,
these species may be less suitable to use as stand-alone indicator species for the purpose
monitoring large-scale ecosystem changes. These species have been referenced in previous
studies as indicator species (Barrett & Price, 2014; Southerland et al., 2004), but for central

Appalachian hardwood forests, they may be too sparsely distributed or reliant on adjacent
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aquatic habitats to provide data for adequate conclusions without the inclusion of other species of
Plethodontidae.

Canopy cover at the site level was also an important predictor of occupancy. Occupancy
odds increased 3.8-fold (280%) with one standard deviation increase of percent canopy cover.
Canopy cover has known moisture retention and microclimate buffering capacity (Ochs et al.,
2022), which creates ideal habitat for Plethodontids. Areas with sufficient canopy cover may
retain moderate temperatures and higher soil moisture throughout summer months, decreasing
the likelihood of a desiccation event. It is well-documented that substantial alteration of forest
structure can be detrimental to salamander populations (Gibbs, 1998; Hocking et al., 2013). Loss
of canopy could reduce a site’s ability to mediate soil temperatures as temperature extremes
increase during summer months, potentially causing salamanders to die, retreat, or evacuate
(Semlitsch et al., 2008). Our results suggest that areas with low canopy cover are less likely to be
occupied by Plethodontids, which is consistent with previous studies.

Season was included in occupancy covariates to accommodate occupancy changes
between Spring to Fall 2025. Relative to species and canopy effects, season was a minor
predictor of occupancy. Differences in occupancy between the seasons could represent
phenological differences or indicate decreased occupancy in areas post-desiccation period
(Summer 2025). Summer 2025 had a long period of drought in the Central Appalachian region,
with the WVDA stating that by September 23, 2025, 94% of West Virginia was experiencing
moderate (D1) to extreme (D3) drought conditions (WVDA, 2025). Additionally, July 2025 was
the hottest July on record for the state of West Virginia. Due to these conditions, a change in
occupancy between Spring 2025 and Fall 2025 may represent the emigration of salamanders

from sites that do not adequately buffer against intense moisture and temperature conditions.
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While these sites may have been able to accommodate salamander habitat requirements
throughout Fall 2024-Spring 2025, the intensive summer conditions may have resulted in the loss
of salamander occupancy, whether through mortality or emigration. It is worth noting that this
result is not conclusive and may be due to inherent phenological variation in salamander
occupancy. However, salamanders have reported low vagility and little documentation of
phenological variation in habitat occupancy (Farello & Miles, 2016; Cabe et al., 2007).

Treatment effects on salamander occupancy in our data are negative, and statistically
significant at an 85% confidence interval. This suggests that sites treated for invasive plant
control, odds of salamander occupancy decreased. The potential impact of treatment as a
covariate could be due to herbicide application, vegetation structure changes, or both. Notably,
there is limited research on the impact of herbicides on adult Plethodontids. However, Gertzog et
al. (2011) found that P. cinereus will behaviorally avoid herbicides at 10-100% of the herbicide’s
full concentration. Additionally, the intensity of treatment varied, with some sites losing most or
all vegetation structure, and some losing only minor understory vegetation. Our results suggest
that invasive plant control treatments, through various mechanisms encompassed by categorical
‘Treatment’, decrease odds of salamander occupancy, which is consistent with previous findings
(Lehtinen et al., 2022).

As suggested by Lehtinen et al. (2022), treatment impacts on occupancy may be due to
increased perceived predation risk. Salamanders may perceive predation risk to be higher in sites
with less vegetation structure, prompting emigration(Forester et al., 2019). Lehtinen et al. argued
that this is a more feasible explanation than other factors (herbicide, arboreal foraging, and
human physical trampling). Notably, soil moisture and temperature did not differ significantly

between treated and untreated sites in Lehtinen et al.’s study. In our study, due to the high
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intensity of invasion on sites, soil conditions were likely altered from treatment. The findings of
our study suggest that invasive plant control treatments can reduce salamander occupancy odds
one year post treatment, suggesting microhabitat degradation and alteration of crucial ecosystem
services.

We found no evidence to suggest that percent invasive plant species ground cover
explains salamander occupancy. Our results, therefore, cannot provide clarity to the limited data
available on adult terrestrial salamander interactions with invasive plants. Aside from
documented harmful impacts to larval stage amphibians, there is little evidence to support the
claim from this study that invasive plants negatively affect adult salamanders. The microclimate
conditions created by sites dominated by invasives are potentially similar enough to native
microclimate conditions to support similar occupancy odds of Plethodontid salamanders. Our
data further supports the hypothesis that complex vegetative structure is a more reliable predictor
of salamander occupancy than the species composition.

4.1.3 Management Implications

Our results suggest that due to invasive plant control treatment negatively impacting
Plethodontid occupancy, retention of canopy cover is crucial to retaining quality habitat for
Plethodontids and their ecosystem services. This is supported by previous studies,
acknowledging the importance of retaining a percentage of canopy cover post timber harvest
(Ochs et al., 2022). Without adequate canopy to buffer temperatures, microhabitats may be more
susceptible to desiccation events. This is increasingly important with projected extreme
temperatures in summer and fall seasons, as well as projected moisture extremes in the
Appalachian region (Butler et al., 2015). As these temperatures rise, canopy cover will likely be

the first line of defense against desiccation risk. Previous studies suggest 50-60% retention of



579

580

581

582

583

584

585

586

587

588

589

590

591

592

593

594

595

596

597

598

599

600

canopy in order to mitigate losses to Plethodontid populations (Ross et al., 2000; Knapp et al.,
2003; Semlitsch et al., 2009). However, in highly invaded landscapes, this may be impractical. A
similar alternative may be to retain or provide supplementary refugia for Plethodontids to utilize
during harsh conditions. Additionally, seasonality of invasive plant control treatment may allow
for vegetative recovery in the understory to provide cover prior to harsh temperature conditions.
Performing invasive plant control treatment, particularly hack-and-spray efforts, in fall or winter
may act as a buffer by allowing for vegetation growth before intense summer conditions.
Coupling hack-and-spray treatments with immediately planting native seedlings may provide
effective invasive plant control treatment while restoring salamander habitat, as originally
suggested in Lehtinen et al. (2022).

Our results were inconclusive regarding the impacts of invasive plant ground cover on
salamander occupancy. While there are potential negative effects of invasive vegetation in native
landscapes, such as altering soil conditions and forest regeneration (Early et al., 2016), we could
not draw a conclusion of an association with adult Plethodontid salamanders, and by proxy its
related ecosystem services. This is important to consider when weighing the costs and benefits of
performing invasive plant control treatments. If retaining ecosystem services is the main target of
treatments, the treatments themselves have the potential to be more damaging to ecosystem
function than the invasion itself. However, this is with the assumption that our current
understanding of invasive plant’s impact on ecosystem services is thorough and accurate and that
we are observing only immediate impacts. Observing the long-term impacts and recovery of
Plethodontids on treated sites would provide a better understanding on the trade-offs of invasive

plant control treatments. Additionally, Plethodontid salamander occupancy may not be indicative
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of all ecosystem services and species. Species that are dependent on native vegetation may
experience benefits from invasive plant control treatments.

The inclusion of species-specific intercepts highlights the role of Plethodontid species as
indicators of ecosystem changes. For the purposes of large-scale, hardwood forest monitoring in
central Appalachia, Plethodon cinereus is well-supported in our dataset as a quality indicator.
Stream salamander species (genuses Desmognathus and Eurycea), due to sparse distribution and
reliance on stream habitats, may be difficult to use as a stand-alone, large-scale indicator for
ecosystem changes in central Appalachian hardwood forests. However, this is primarily due to
Plethodon cinereus’ role as an abundant generalist in contrast to less-abundant stream
salamanders. Acknowledging inherent interspecific differences in distribution and utilizing all
Plethodontid species as indicators can simplify sampling efforts at state-wide, multi-year scales.

Future studies should continue investigations into the relationship between Plethodontid
salamanders and treatment effects, as well as Plethodontid salamanders and invasive plants. To
gain a better understanding of the impacts of invasive plant control treatment, Before and After
impact (BAI) frameworks would isolate the impacts of canopy loss directly. Additionally, being
able to account for details such as species treated per site, herbicide amount applied per site,
target vs. broad herbicide application, and similar metrics may provide a more thorough
understanding of impacts on occupancy. Continuing to monitor occupancy across multiple years
may also inform better understandings of ecosystem and Plethodontid recovery post-treatment.
Predicting recovery time for Plethodontids may help inform management practices and planning
when attempting to remove invasive plant species. As forests regenerate post-treatment, new
vegetation growth can allow more ample refugia and temperature buffers to create conditions

that are once again suitable for Plethodontid occupancy.
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While our results do not convey a conclusive impact of invasive plants on salamander
occupancy, continued exploration of relationships between invasive plants and Plethodontids is
worthwhile, particularly as they become more established within forest landscapes.
Understanding how they may impact Plethodontid habitat use, breeding, predation, detectability,
and climate change adaptability are all important relationships that remain widely undescribed.

The growing emergence of biodiversity credit markets alongside traditional carbon offset
programs further supports the importance of identifying reliable biological indicators of
ecosystem conditions. Unlike carbon credits, which focus on a single aspect of a complex
ecosystem, biodiversity credits incorporate metrics of ecological integrity and functional
resilience (Wunder et al., 2025). Plethodontid salamanders are uniquely positioned to serve as
this role in central Appalachian hardwood forests. Plethodontids require stable microclimates
and thus reflect influences on and from canopy structure, soil conditions, detrital dynamics, and
invertebrate prey availability (Welsh & Hodgson, 2013; Siddig et al., 2016b). Their occupancy
reflects broader ecosystem processes including nutrient cycling, litter decomposition, and trophic
regulation. Because our results demonstrate strong canopy-mediated occupancy patterns and
substantial interspecific heterogeneity, Plethodontid responses may provide an early-warning
system for microclimatic degradation or recovery following invasive species control efforts.
Incorporating occupancy monitoring of Plethodontids into restoration frameworks can improve
our ability to detect how invasive plant control treatments alter microclimate structure, habitat
quality, and ecosystem stability, by revealing how treatment intensity and timing impact

ecosystem recovery trajectories over time.
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939  Appendix A: Summary of Site Characteristics

940 Summary data of site-specific covariates collected on WMAs in West Virginia, USA. Covariates included represent
941 covariates included in the final model set. ‘Site’ represents each unique site name. “TPD’ stands for ‘total

942  Plethodontid detections’, or the total count of salamanders detected at that site across all sampling occasions.

943 ‘Treatment’ represents whether site coordinates were located within treatment boundaries provided by crews that
944 performed invasive plant control treatment on WMAs. ‘Canopy Cover’ represents the estimated percentage of a
945 fixed area of ground covered by vertical projection of tree and tree canopy. ‘Invasive Ground Cover’ is the estimated
946  percentage of coverage of forest floor by invasive plant species. Invasive Ground Cover can exceed 100% if

947 multiple invasive plants overlap coverage. Abbreviations for WMAs are as follows: ‘BL’ is Burnsville Lake WMA,
948 ‘BR’ is Bear Rock Lake WMA, ‘CR’ is Castleman Run WMA, and ‘PC’ is Pleasant Creck WMA.

Site TPD Treatment Canopy Cover (%) Invasive Ground Cover (%)
BLO1 0 Y 58.9 113
BL02 N 80.1 60.8
BLO03 1 Y 62.3 39.5
BL04 1 Y 54.8 109.3
BLO5 0 Y 67.8 70.3
BL06 1 Y 50.3 23.7
BLO7 1 Y 61.9 80.8
BLO8 1 N 82.7 22
BL09 0 Y 82.9 22.3
BL10 0 N 80.6 114
BL11 1 N 67.9 82
BLI12 1 N 79.1 117.5
BL13 0 N 82.9 121.8
BL14 1 N 82.4 24
BL15 1 N 76.9 54.2
BROI 6 N 81.6 135.7
BRO2 16 N 79.9 48.3
BRO3 0 Y 62.4 50.3
BRO4 1 Y 80.6 47
BROS5 0 Y 72 27.7
BRO6 0 Y 61.9 18.5
BRO7 0 Y 80.5 9.7
BROS 0 Y 304 80.3
BR09 0 Y 433 87
BR10 0 Y 48.4 53
BRI11 5 Y 82.1 27.5
BR12 7 Y 77.5 27.83
BR13 1 Y 234 142
BR14 11 N 79.9 54
BRI15 N 79.6 84.3
CRO1 0 Y 84.5 59.9
CRO2 1 Y 51.9 63.5
CRO3 0 Y 0 24
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958  Appendix B: Detection History of Plethodontid Salamanders

959 Detection history of salamander sampling on WMAs in West Virginia, USA. ‘Sampling Occasion’ represents the
960 sample number for each site, as sampling occasions may have been performed across multiple days to survey all
961 sites. ‘Date’ is the day which that sampling occasion took place, formatted (mm/dd/yyyy). ‘Site’ indicates the unique
962  site where a salamander was detected, including WMA specific abbreviations (‘BL’ is Burnsville Lake WMA, ‘BR’
963 is Bear Rock Lake WMA, ‘CR’ is Castleman Run WMA, and ‘PC’ is Pleasant Creeck WMA) and the site number (1-
964  15). ‘Species’ is the scientific name of the species detected. ‘Number Detected’ indicates whether multiple of the
965 same species were detected at the site during that specific sampling occasion. *Sampling occasion 7 was not listed
966 because there were no detections across all sites for Sampling occasion 7. Sampling occasion 8 was included in this
967 appendix but detections for this occasion were not included in modelling as discussed in 2.1.5.

Sampling Date Site Species Number
Occasion Detected
1 05/13/2025 PCl11 Plethodon cinereus 2
1 05/13/2025 PC14 Plethodon cinereus 1
1 05/13/2025 PC2 Plethodon cinereus 1
1 05/13/2025 PC4 Plethodon cinereus 4
1 05/13/2025 PC4 Desmognathus fuscus 1
1 05/13/2025 PC8 Plethodon cinereus 1
1 05/14/2025 BL14 Eurycea longicauda 1
1 05/14/2025 BL3 Plethodon glutinosus 1
1 05/14/2025 BL7 Notophthalmus viridescens 1
1 05/16/2025 CR10 Plethodon cinereus 3
1 05/16/2025 CR12 Plethodon cinereus 1
1 05/16/2025 CR15 Plethodon cinereus 1
1 05/16/2025 CR4 Plethodon cinereus 1
1 05/16/2025 CRS Plethodon cinereus 1

1 05/16/2025 CR9 Plethodon cinereus 2



05/20/2025 BR12 Plethodon cinereus

05/20/2025 BR13 Notophthalmus viridescens
05/20/2025 BR14 Plethodon cinereus
05/20/2025 BR14 Plethodon glutinosus
05/20/2025 BR15 Plethodon glutinosus
05/20/2025 BR2 Plethodon cinereus
05/21/2025 PC14 Plethodon cinereus
05/21/2025 PC2 Plethodon glutinosus
05/22/2025 CR10 Plethodon cinereus
05/22/2025 CR12 Plethodon cinereus
05/22/2025 CRI15 Plethodon cinereus
05/22/2025 CR4 Plethodon cinereus
05/22/2025 CR4 Plethodon glutinosus
05/22/2025 CR6 Plethodon cinereus
05/22/2025 CR7 Plethodon cinereus
05/28/2025 BR1 Plethodon glutinosus
05/28/2025 BR12 Plethodon cinereus
05/28/2025 BR2 Plethodon cinereus
05/28/2025 BR4 Plethodon cinereus

06/09/2025 BR1 Plethodon glutinosus



06/09/2025

06/09/2025

06/09/2025

06/09/2025

06/09/2025

06/09/2025

06/09/2025

06/09/2025

06/09/2025

06/09/2025

06/09/2025

06/09/2025

06/16/2025

06/17/2025

06/23/2025

06/23/2025

06/24/2025

06/25/2025

06/25/2025

06/25/2025

BR11

BR12

BR12

BR14

BR14

BR15

BR2

CR10

CR13

CR15

CR4

CR5

PC4

BL6

CR11

CR4

BR12

BL11

BL4

BL8

Plethodon glutinosus

Plethodon cinereus

Plethodon glutinosus

Plethodon glutinosus

Plethodon cinereus

Plethodon cinereus

Plethodon cinereus

Plethodon cinereus

Plethodon cinereus

Plethodon cinereus

Plethodon cinereus

Plethodon glutinosus

Desmognathus ochropheaus

Eurycea bislineata

Plethodon cinereus

Plethodon cinereus

Plethodon glutinosus

Eurycea bislineata

Eurycea bislineata

Eurycea bislineata



8*

8*

8*

8*

8*

10

10

10

10

06/29/2025

06/29/2025

07/01/2025

07/02/2025

07/02/2025

07/02/2025

07/14/2025

07/15/2025

07/21/2025

07/22/2025

07/23/2025

09/15/2025

09/15/2025

09/15/2025

10/09/2025

10/09/2025

10/09/2025

10/09/2025

10/09/2025

10/10/2025

PC4

PC4

BR2

CR11

CR12

CR9

BR14

BR15

BR12

BL9

CR11

BR15

BR2

CR2

BL15

PC12

PC14

PC4

PC9

BR1

Eurycea bislineata

Desmognathus ochropheaus

Plethodon cinereus

Plethodon cinereus

Plethodon glutinosus

Plethodon cinereus

Plethodon glutinosus

Plethodon glutinosus

Plethodon glutinosus

Notophthalmus viridescens

Eurycea longicauda

Plethodon glutinosus

Plethodon glutinosus

Plethodon cinereus

Eurycea bislineata

Plethodon cinereus

Plethodon cinereus

Plethodon electromorphus

Plethodon cinereus

Plethodon cinereus



10

10

10

10

10

11

11

11

11

11

11

11

11

11

11

11

11

11

11

11

10/10/2025

10/10/2025

10/10/2025

10/10/2025

10/10/2025

10/11/2025

10/11/2025

10/11/2025

10/11/2025

10/11/2025

10/11/2025

10/13/2025

10/13/2025

10/13/2025

10/13/2025

10/13/2025

10/13/2025

10/13/2025

10/13/2025

10/14/2025

BR15

BR2

CR10

CR11

CR13

BR1

BR11

BR12

BR14

BR15

BR2

CR11

CR12

CR13

CRI15

CR4

CR7

CR8

CR9

PCl11

Notophthalmus viridescens

Plethodon cinereus

Plethodon cinereus

Plethodon cinereus

Plethodon cinereus

Plethodon cinereus

Plethodon cinereus

Plethodon cinereus

Plethodon glutinosus

Plethodon cinereus

Plethodon cinereus

Plethodon cinereus

Plethodon cinereus

Plethodon cinereus

Plethodon cinereus

Plethodon cinereus

Plethodon cinereus

Plethodon cinereus

Plethodon cinereus

Plethodon cinereus



11 10/14/2025 PC2 Plethodon cinereus

11 10/14/2025 PC5 Plethodon cinereus
12 10/19/2025 PC1 Plethodon cinereus
12 10/19/2025 PC11 Plethodon cinereus
12 10/19/2025 PC14 Plethodon cinereus
12 10/19/2025 PC2 Plethodon cinereus
12 10/20/2025 BL12 Plethodon electromorphus
12 10/21/2025 BR1 Plethodon cinereus
12 10/21/2025 BR14 Plethodon cinereus
12 10/21/2025 BR2 Plethodon cinereus
12 10/21/2025 CR10 Plethodon cinereus
12 10/21/2025 CR11 Plethodon cinereus
12 10/21/2025 CR15 Plethodon cinereus
12 10/21/2025 CR4 Plethodon cinereus
12 10/21/2025 CR7 Plethodon cinereus

968
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